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Abstract
Biodiversity in agricultural landscapes can be increased with conversion of some production lands into �more-

natural� – unmanaged or extensively managed – lands. However, it remains unknown to what extent biodiversity

can be enhanced by altering landscape pattern without reducing agricultural production. We propose a

framework for this problem, considering separately compositional heterogeneity (the number and proportions

of different cover types) and configurational heterogeneity (the spatial arrangement of cover types). Cover type

classification and mapping is based on species requirements, such as feeding and nesting, resulting in measures

of �functional landscape heterogeneity�. We then identify three important questions: does biodiversity increase

with (1) increasing heterogeneity of the more-natural areas, (2) increasing compositional heterogeneity of

production cover types and (3) increasing configurational heterogeneity of production cover types? We discuss

approaches for addressing these questions. Such studies should have high priority because biodiversity

protection globally depends increasingly on maintaining biodiversity in human-dominated landscapes.
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INTRODUCTION

A fundamental concept in landscape ecology is that spatial hetero-

geneity affects ecological systems (Wiens 2002). Elements of

landscape heterogeneity can influence a variety of ecological

responses, including animal movement (reviewed in Fahrig 2007),

population persistence (Fraterrigo et al. 2009), species interactions

(Polis et al. 2004) and ecosystem function (Lovett et al. 2005).

For biodiversity conservation in human-dominated regions, it is

particularly important to understand the relationship between spatial

heterogeneity and biodiversity in agricultural landscapes (Benton et al.

2003; Tscharntke et al. 2005; Le Roux et al. 2008). Together, crop-

lands and pastures occupy c. 40% of the land surface (Foley et al. 2005)

and these productive areas have particularly high biodiversity potential

(Altieri 1999). At the same time, agricultural landscapes range widely

in their degree of spatial heterogeneity as controlled, in part, by

patterns of land tenure and the cumulative effects of cropping, grazing

and other decisions made by individual farmers. More heterogeneous

landscapes contain many different production cover types (e.g.

different field crops, intensively grazed lands, orchards) which are

distributed in a complex pattern and interspersed with other, more

�natural�, cover types (e.g. extensively grazed or non-grazed wood-

lands, wetlands, field margins). Such patterns are characteristic of

traditional farming systems, in contrast with intensive agricultural

systems which typically contain only a few sown crop types distributed

in large uniform fields (Baudry & Bunce 1991; Sirami et al. 2007).

We explicitly recognize two components of heterogeneity: a more

heterogeneous landscape is a landscape with a larger variety of

different cover types (compositional heterogeneity) and ⁄ or a more

complex spatial patterning of them (configurational heterogeneity)

(Fahrig & Nuttle 2005). Note that these two components are

generalized versions of the first two elements of Duelli�s �mosaic

concept�, namely �habitat variability (number of biotope types per unit

area)� and �habitat heterogeneity (number of habitat patches and

ecotone length per unit area)�, respectively (Duelli 1997). For both

components, the land cover types can be defined either with or

without explicit consideration of their relevance to a particular species

or species group. We therefore make an important distinction between

�structural landscape heterogeneity�, where different cover types are

identified by their physical characteristics, without reference to a

particular species or species group (e.g. using classified satellite

imagery), and �functional landscape heterogeneity�, where different
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cover types are identified based on differences in resource depen-

dencies of species or species groups. For example, if the species group

is insects, cover types might be distinguished using criteria such as

floristic and edaphic conditions.

We understand farmland biodiversity as the variety of species that

coexist in agricultural landscapes and the complexity of the trophic

interactions that link them. Because of the magnitude of the areas

converted into agricultural landscapes, any change in their capacity to

accommodate more wild plants and animals and more complex

interaction networks could produce important changes in biodiversity

relevant to local or global conservation priorities.

Given the importance of agricultural systems for the maintenance

of biodiversity, policies and guidelines are needed to maintain and

enhance biodiversity in changing agricultural environments. In this

quest, the management of spatial heterogeneity of agricultural

landscapes may be critical. The value of agricultural land for

conservation has been recognized formally in Europe through some

agri-environment schemes (e.g. Kleijn et al. 2006; Davey et al. 2010),

but these are not organized to produce particular levels or types of

heterogeneity at the landscape scale. In addition, the effectiveness of

the numerous agri-environment schemes in Europe have been

questioned (Kleijn et al. 2006); in many instances, they have yet to

provide any detectable biodiversity benefits (e.g. Davey et al. 2010).

One reason may be that options within schemes are typically designed

at the field scale and that farm-scale combinations of options do not

consider the pattern, particularly the heterogeneity, of the surrounding

landscape (Tscharntke et al. 2005; Concepción et al. 2008).

Many have speculated on the importance of landscape heteroge-

neity for biodiversity in agricultural landscapes. However, evidence to

date is scant. First, most of this speculation is based on extrapolation

to the landscape scale from results of local-scale studies on the

effects of farmland features and patterns – e.g. intercropping, shade

crops, grassy strips, hedgerow trees, agro-forestry – on biodiversity

(e.g. Perfecto & Vandermeer 2002; Vickery et al. 2009). Second, the

many studies that have been conducted at the landscape scale, i.e.

comparing biodiversity across multiple agricultural landscapes (e.g.

Jonsen & Fahrig 1997; Holland & Fahrig 2000; Thies et al. 2003;

Holzschuh et al. 2010), generally do not address landscape hetero-

geneity directly. In the few that do, the more heterogeneous

landscapes are typically the landscapes containing larger areas of

�more-natural� cover types, i.e. unmanaged (indigenous, regenerating

or restored habitats, hedgerows and other vegetated field margins) or

extensively managed (forest or grassland with low-intensity grazing)

areas [see �Questions for Landscape Heterogeneity–Biodiversity

Research in Agricultural Systems� for a discussion of the term

�more-natural�]. As an example of this type of study, in their article

on the effects of �landscape complexity� Thies et al. (2003) selected 15

landscapes on a gradient �from extremely simple and structurally

poor landscapes (< 3% of non-crop area, i.e. area that is not

converted to annual crops) to complex and structurally rich

landscapes (> 50% non-crop habitats)� (Thies et al. 2003). In other

words, in their study, complex landscapes were complex because they

contained a large area of intrinsically complex more-natural cover

types.

One reason landscape heterogeneity has not often been directly

studied in agricultural landscapes is the predominance of the habitat–

matrix paradigm in landscape ecology (Fischer & Lindenmayer 2006)

in which the landscape is divided into �habitat�, where all necessary

resources are found, and hostile �matrix� (Fig. 1). This paradigm arose

from applying the island–sea context of island biogeography theory

(MacArthur & Wilson 1967) to terrestrial landscapes (Burgess &

Sharpe 1981; Haila 2002), and was reinforced by the development of

(a)

(b) (c)

Figure 1 A landscape in eastern Ontario, Canada represented as: (a) a satellite image, (b) a habitat–matrix (forest vs. non-forest) representation of the same image and (c) a

heterogeneous landscape representation of the same image showing different cover types.
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metapopulation theory (Hanski & Gilpin 1991). The habitat–matrix

view has been challenged by many authors who pointed out that the

landscape matrix is not equivalent to the �sea� of island biogeography

(e.g. Ricketts 2001; Brotons et al. 2003; Burel & Baudry 2005; Dunford

& Freemark 2005; Fischer & Lindenmayer 2006; Kupfer et al. 2006).

It is now recognized that many species perceive landscapes in more

complex ways and use resources from different cover types, which

implies that, to understand the effects of landscape structure on

biodiversity, we need to replace the habitat–matrix view with a

heterogeneous landscape view (Fig. 1).

Our objectives in this article are threefold. First, we develop a

conceptual framework for the study of landscape heterogeneity in the

context of agricultural landscapes, based on the concept of functional

landscape heterogeneity. Second, we identify three important unan-

swered questions about the relationship between landscape heteroge-

neity and biodiversity in agricultural landscapes. Finally, we suggest a

general methodological approach for studies to address these

questions. While our examples are predominantly temperate ones,

we suggest that the basic ideas could also be taken forward in many

tropical contexts, though adjustments may need to be made for the

fine-grain agro-forestry mosaics that are more commonly found in

tropical than temperate agriculture (e.g. Gardner et al. 2009).

FUNCTIONAL LANDSCAPE HETEROGENEITY

The concept behind functional landscape heterogeneity is that the

description and measurement of heterogeneity should be based on the

expected functions (e.g. provision of food, nesting sites, dispersal

routes) provided by that heterogeneity to the species or species

group(s) of interest. To produce any measure of spatial heterogeneity

(whether structural or functional), we need to start with a map of

cover types. However, a map of cover types perceived by the human

observer (or remote-sensing device) does not necessarily represent

relevant heterogeneity to a particular species group; cover types that

we can distinguish are not necessarily functionally different for that

species group and vice versa (Lima & Zollner 1996; Charrier et al. 1997;

Schick et al. 2008). For example, for many ground-nesting farmland

birds, access to bare ground combined with some vegetation cover is

essential for nesting habitat, but the cover can be provided by any of

several different crops (e.g. Gilroy et al. 2010). Therefore, for this

response (ground-nesting farmland birds), these crops could be

mapped as a single functional cover type (nesting habitat). Similarly,

areas of open water and human habitation might be equally unsuitable

for these species, hence differences between them might make no

biologically significant (for these species) contribution to habitat

heterogeneity and they could therefore be mapped as a single

functional cover type (unsuitable). A map of functional landscape

heterogeneity can also include subtle non-structural distinctions

among cover types that are not apparent by eye or remote sensors

but are relevant to a species response, i.e. the �invisible mosaic�
(Vasseur et al. 2008). Such distinctions are particularly important in

the more intensively managed portions of agricultural landscapes

where practices such as pesticide application, soil management,

fertilizer application and cropping history can have large effects on

patch quality of both the managed and more-natural patch types,

without apparent or at least large detectable effects on patch structure.

For example, field management affects plant diversity in field margins,

which defines habitat quality for flower-feeding insects (Le Cœur et al.

2002; Vickery et al. 2009). Weed density at the field scale is explained

by crop rotation, weed management practices and the interactions

between them (Doucet et al. 1999). Butterfly richness and abundance

depend independently on local cultivation practices (e.g. �conven-

tional� vs. �organic� agriculture) and the landscape context (e.g.

proportion of organic fields) (Rundlof et al. 2008). In addition,

signatures of ancient land use may persist with potential implications

for present day plant and animal communities (Dupouey et al. 2002;

Gustavsson et al. 2007). In creating a map of functional cover types

for the species group of interest, important distinctions in farming

practices therefore need to be incorporated.

Box 1 Creating a map of functional cover types

A landscape consists of patches identifiable at a given spatial

resolution.

To map a landscape of functional cover types, we consider

the resource needs of each of a representative set of different

animal species. Next, we identify the patches that contain these

resources. A set of patches that offer the same resources

(considering the needs of all exemplar species) is then a

functional cover type.

For each species or species group, patches can be of one of

three classes:

Dangerous – no resource benefit for the species and there is

an active net cost in going into them, such as high predation

risk, high thermoregulatory burden or high risk of drowning.

Animals avoid them.

Neutral – no resource benefit for the species and there may

be a passive cost in going into them, such as lost foraging time,

lost breeding opportunities. Animals generally avoid them

except they may move through them to go from one resource

patch to another.

Beneficial – provide one or more resources for the species;

there are usually multiple types for each species or species

group. For a bird species, functional patches might provide one

or more of: nest sites, summer food, winter roosting, winter

foraging, brood-rearing habitat or song posts.

For example, skylarks Alauda arvensis (Linn.) on European

farmland need seed-producing open fields in winter and insect-

producing open fields in summer. These two beneficial cover types

must be mapped separately because both are needed for this

species. Cover types such as intensively grazed grassland and

dense arable crops may be neutral for skylarks (and can be mapped

as a single cover type), whereas woodland and urban areas are

probably dangerous (and should be mapped as another cover type).

We then combine the cover types across the set of

representative species to get an overall map of functional cover

types, from which heterogeneity can be measured.

In Box 1 and Fig. 2, we show the steps for creating a map of functional

cover types for a particular species group, from which spatial

heterogeneity measures can then be calculated. When overall biodi-

versity is the response of interest, we suggest building the map of

functional cover types by selecting a set of representative species for

each species group, where each group is defined as a set of species that
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obtain resources (food, shelter, etc.) from the same land cover types.

Note that this does not assume that all the species in a group use the

same resources (e.g. eat the same species of plant) but that they use

resources in the same land cover types. The set of functionally different

cover types would then be identified for each representative species

and these would be combined to produce an overall set of functional

cover types to be mapped. This could be done qualitatively, or

alternatively, classification and regression trees provide a way to

objectively classify cover types that can be mapped onto the landscape

(Urban 2002). This approach constructs binary classification trees

based on categorical or continuous variables that maximize the

deviance explained in each split of the tree. The method can be used to

group species based on pre-defined criteria (e.g. Flynn et al. 2009) and

it could also be used to map functional cover types in landscapes based

on the resource requirements of species groups (Fig. 2).

Once the map of functional cover types has been created,

functional landscape heterogeneity is then measured using metrics

for compositional and configurational heterogeneity. The simplest

measure of compositional heterogeneity is the number of different

cover types (cover type richness; Fig. 3). Then, given two landscapes with

the same cover type richness, if a small number of cover types

dominate the first landscape, while the cover types are of similar

proportions in the second, the second landscape is more heteroge-

neous than the first (cover type evenness). Cover type richness and

evenness can be combined into measures of compositional hetero-

geneity such as the Shannon index (e.g. Dorrough et al. 2007). Measures

of configurational heterogeneity (Fig. 3) include metrics such as mean

patch size, edge density, large patch dominance, interspersion ⁄ juxtaposition and

mean patch shape variability (Cushman et al. 2008). For measures of

configurational heterogeneity, the actual cover types are not taken into

consideration, just their spatial pattern. For example, landscapes b and

d in Fig. 3 have the same configurational heterogeneity but different

cover types, and landscape a has larger mean patch size (lower

configurational heterogeneity) than landscape b but the same cover

types.

QUESTIONS FOR LANDSCAPE HETEROGENEITY–BIODIVERSITY

RESEARCH IN AGRICULTURAL SYSTEMS

In this section, we suggest three high-priority research questions in

landscape heterogeneity–biodiversity research in agricultural systems.

Heterogeneity of both the more-natural and production cover types is

Figure 2 A classification tree of functional cover types according to the nesting (ground cover nest cavities) or food (insects seeds) resources provided for birds in agricultural

landscapes. In this hypothetical example each resource is treated is a binary classification variable but continuous measurements of per-area resource availability could be used

in the construction of functional cover types using regression trees.

(a) (b)

(c) (d)

Figure 3 Illustration of the two major axes of spatial heterogeneity: compositional

and configurational heterogeneity. Each large square is a landscape and different

colours represent different cover types within landscapes. Compositional hetero-

geneity increases with increasing number and ⁄ or evenness of cover types.

Configurational heterogeneity increases with increasing complexity of the spatial

pattern.
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central to our thinking, although we recognize that the distinction

between these two categories of cover types is not clear-cut. In fact,

there is a gradient of cover types in agricultural landscapes, from those

where the primary production is almost entirely consumed by humans

(e.g. intensively farmed crop fields, intensively grazed lands) to those

where almost none of the primary production is consumed by humans

(e.g. non-harvested forest patches, hedgerows, most wetlands).

However, between these extremes there is a range of cover types

with varying degrees of human consumption of the primary

production. For example, semi-natural grasslands with low-intensity

grazing, and naturally forested areas with livestock grazing or shade

crops in the understory lie somewhere in the middle of the gradient.

Even an intensively farmed crop field will provide some food and

resources to species other than humans (e.g. insects, some birds),

whereas non-harvested woodlots and field margins may provide

resources to wildlife species (e.g. deer) that are then hunted and

consumed by humans.

Despite this complexity, we consider it important to distinguish

between landscape heterogeneity arising from heterogeneity in more-

natural cover types rather than in production cover types and vice

versa. Policies aimed at increasing the heterogeneity of agricultural

landscapes through conversion of highly productive lands into more-

natural lands, thus reducing agricultural production, will frequently

be considered unacceptable by farmers (Burton et al. 2008). While it

is known that the introduction of such lands can benefit farmers

through improved ecosystem services such as pollination and pest

control (Kremen et al. 2004; Tscharntke et al. 2007; Potts et al. 2010),

converting an area of land from a high-output cover type

(production land) to a zero- or low-output cover type has obvious

economic impacts on the farmer. Therefore, in practical terms, it is

important to understand the degree to which policies aimed at

increasing heterogeneity of the production portion of agricultural

landscapes will have benefits for biodiversity. The decision of

whether to implement policies that take land out of production to

increase the amount of more-natural areas, or to implement policies

aimed at increasing the spatial heterogeneity of the production areas,

will depend on the benefits (to biodiversity) vs. the costs (to

farmers) of the two options. For example, if it turns out that the

biodiversity benefits of increasing the heterogeneity of the produc-

tion areas are negligible in comparison to large biodiversity benefits

of increasing the area of more-natural cover, policies for biodiversity

should mainly be directed at increasing these more-natural areas,

even though large economic incentives may be required. The

questions we pose below therefore assume that the cover types in an

agricultural landscape can be categorized into �more-natural� and

�production� cover types; exactly how this is done will be context

specific.

For the purposes of this discussion, more-natural cover types are

defined as areas that meet all of the following three criteria: (1) most

primary production is not consumed by humans (either directly or

indirectly through livestock feed or grazing), (2) the main species

found in the cover type have an evolutionary or long-term

association with it and (3) the frequency and intensity of

anthropogenic disturbances are low relative to those in annually

cropped areas. As extreme examples, grassy field margins that are

neither grazed nor mown for fodder would typically be considered

more-natural areas, whereas fields or woodlands grazed by domestic

animals would be considered production areas, unless the grazing

intensity is very low such that most primary production is not taken

by the livestock and the main plant species are native. We predict

that biodiversity should increase with increasing heterogeneity of

both the more-natural cover types and the production cover types

(Fig. 4). However, as mentioned above, it is important to consider

these components of the landscape separately because the rate of

increase in biodiversity with increasing landscape heterogeneity may

differ in the two components. In addition, the management of

Figure 4 In an agricultural landscape (‡ 60% of area in production) animal biodiversity increases with increasing area of more-natural (unmanaged or extensively managed)

cover in the landscape. We divide heterogeneity of agricultural landscapes into two components: heterogeneity of the more-natural areas within the landscape and heterogeneity

of the production areas within the landscape. The three research questions ask for a given area of more-natural cover does animal biodiversity increase with (1) increasing

heterogeneity of more-natural cover (2) increasing compositional heterogeneity of the production area and (3) increasing configurational heterogeneity of the production area?
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heterogeneity in these two components implies different agri-

environment policies and different agricultural and management

practices with different economic incentives.

Question 1. Does biodiversity increase with increasing

heterogeneity of the more-natural area in the landscape?

Although some research has been conducted on effects of more-

natural cover types on biodiversity in agricultural landscapes, for the

most-part this work has been limited to studies documenting the

effects of the presence and ⁄ or amount of these cover types.

For example, diversity of butterflies in western France is related to

the presence of grassy linear elements (Ouin & Burel 2002), and

hedgerows and woodland in agricultural landscapes increase the

densities of several breeding songbirds (Fuller et al. 1997). In land-

scapes dominated by agriculture, animal species richness increases

with increasing proportion of more-natural area (Aviron et al. 2005;

Tscharntke et al. 2005; Billeter et al. 2008). This is probably at least

partly due to the stability of these cover types (relative to production

cover types; see above) (Millan de la Pena et al. 2003) and also to the

inability of many species to find their critical resources in the high-

production environment.

In addition to the amount of more-natural area in the landscape,

the heterogeneity of cover types within this area should increase

biodiversity in agricultural landscapes (Devictor & Jiguet 2007).

As different more-natural cover types are added to a landscape,

biodiversity is expected to increase through an accumulation of

species associated with the different cover types. A further increase

in biodiversity occurs when there are species whose presence or

abundance is enhanced by the occurrence of more than one cover

type (Fig. 5). This increase in biodiversity is not necessarily linear,

but depends on the responses of the different species to the

combination of resources provided by these cover types. This

�added value� of heterogeneity is due to �landscape complementa-

tion� (Dunning et al. 1992), in which different cover types are

needed (or preferred) at different times in an organism�s life cycle,

or provide complementary resources, such as food and nest sites, at

a particular time. For example, many amphibians need both aquatic

and terrestrial habitats at different life stages, hence they are more

likely to occur in landscapes containing a mosaic of the two (Pope

et al. 2000). Increases in configurational heterogeneity of the more-

natural cover types may also increase landscape complementation

(Brotons et al. 2004). For example, more complex shapes of patches

of different cover types increases interspersion ⁄ juxtaposition and

the length of boundaries between potentially complementary

resources (Fig. 3).

Landscape heterogeneity might also increase biodiversity by

influencing the outcome of interspecies interactions. Theory predicts

that coexistence of competitors and of apparent competitors and

persistence of consumer–resource systems are higher when dispersal

rates between patches of the same cover type are reduced, because of

reduced cross-patch synchrony in system dynamics (reviewed in

Amarasekare 2008). In other words, reduced dispersal rates are

predicted to increase metacommunity persistence. As an extension of

these predictions, increasing landscape compositional heterogeneity

should reduce dispersal rates between patches of the same cover type

because with more cover types there will be less of each cover type in

the landscape. This could indirectly increase biodiversity through

reducing competition and de-coupling patch dynamics across the

metacommunity.

It may seem obvious that the greater the diversity of cover types in a

landscape, the more species that landscape should contain. However,

as mentioned above and noted by Duelli (1997), for a given area of

more-natural cover in the landscape, an increase in the number of

different cover types leads to a decrease in the amount of each. This

should produce a negative effect of compositional heterogeneity on

habitat-specialists that have very large territories and ⁄ or that need

large areas of contiguous or nearly contiguous habitat for population

persistence, as they will disappear from landscapes in which the area

of their required cover type is inadequate. Depending on the size of

Figure 5 Illustration of the predicted effects of compositional heterogeneity on biodiversity. Animal biodiversity increases with the number of cover types in the landscape,

because a subset of species found in each cover type are found only or preferentially in that cover type. Landscapes that contain multiple cover types could have higher overall

observed biodiversity than one would predict from simply adding the species associated with each cover type individually. The increase in biodiversity would be due to the

presence of species that require the presence of two or more cover types in a landscape (landscape complementation).
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the landscape and the species pool under consideration, this could

lead to a decrease in biodiversity at high levels of compositional

heterogeneity, i.e. to a peak in biodiversity at intermediate levels of

compositional heterogeneity.

While both compositional and configurational heterogeneity of the

more-natural land covers should affect biodiversity, in practice they

are much more difficult to control independently than are the

compositional and configurational heterogeneity of the production

land covers (see below). For example, wetlands can only occur in

locations where the topography permits. In other words, while the

farmer can control whether (s)he retains both forest and wetland or

just one or the other, thus influencing compositional heterogeneity,

(s)he has less flexibility in determining the spatial patterning of these

natural elements than the spatial patterning of crop fields and

pastures. For this reason, and in contrast to questions 2 and 3 on

heterogeneity of the production areas, we do not consider separately

the effects of compositional and configurational heterogeneity of the

more-natural cover types.

Question 2. Does biodiversity increase with increasing

compositional heterogeneity (richness and evenness) of

production cover types?

Although there is some evidence that heterogeneity in cropping is

correlated with diversity for some taxa and spatial scales (Siriwardena

et al. 2000; Benton et al. 2003), it remains unknown whether increasing

heterogeneity of production areas (e.g. by increasing the number of

production cover types) in practice can result in significant benefits to

biodiversity and how such benefits vary among taxa. Research in this

area is complicated by a tendency for landscapes with a more

heterogeneous production area to have a larger area of more-natural

cover types. This will make interpretation of study results difficult as

apparent effects of landscape heterogeneity on biodiversity could

actually be due to effects of the amount of more-natural area in the

landscape. However, it is important to distinguish these effects

because, in agricultural landscapes, the flexibility for manipulating the

amount and heterogeneity of more-natural cover types is constrained

by the need to devote land to agricultural production. Agri-

environment policies for altering the pattern of production cover

types (e.g. smaller fields with a higher diversity of crop types; see Fig. 3)

may in some situations be more feasible to implement than policies

that require taking productive land out of production (or greatly

reducing production on it) to increase the amount and heterogeneity of

more-natural cover (Burton et al. 2008).

Just as different more-natural cover types represent habitats for

different species, different crops also provide resources for different

species, e.g. nectar for pollinators, cover for dispersal and reproduc-

tion by small mammals, plant biomass for phytophagous insects and

seeds for birds. This is particularly the case when the production areas

have structural similarities to extant natural areas in the same

landscape (e.g. cereal crops or improved grassland in landscapes

containing remnant steppe or natural grasslands; Wolff et al. 2002).

Increased compositional heterogeneity of such production cover types

should result in higher landscape complementation and perhaps

increased persistence of metacommunities (as discussed above),

thereby increasing biodiversity. For example, some birds in intensive

agricultural landscapes need particular adjacent contrasting land uses

to provide different resources needed for breeding (e.g. lapwing

Vanellus vanellus Linnaeus: Galbraith 1988; Little Bustard Tetrax tetrax

Linnaeus: Wolff et al. 2002).

Question 3. Does biodiversity increase with increasing

configurational heterogeneity of production cover types?

Questions 2 and 3 represent the separate effects of the two

components of heterogeneity of the production cover types: compo-

sitional and configurational heterogeneity (Fig. 3). Agricultural prac-

tices control both of these components. For example, compositional

heterogeneity can be increased by increasing the number of different

crop types grown, and configurational heterogeneity can be increased

by reducing average sizes of fields or cropping areas within fields.

Increasing the number of crop types would potentially have associated

costs to farmers of changes in infrastructure (e.g. crop storage facilities)

and marketing, whereas reducing field sizes or cropping areas may

entail costs due to less convenient crop management (e.g. more visits to

a given field using smaller equipment). Since the impacts on farming

are different, and since it is possible to envision separate agri-

environment policies aimed at each of these components of

heterogeneity, it is important to know which, if either, component

actually has a strong effect on biodiversity. For this reason, we suggest

that these two questions should be addressed separately.

We expect configurational heterogeneity (or pattern complexity) of

the production cover types to increase biodiversity by increasing

landscape complementation, based on the same arguments as for

configurational heterogeneity of the more-natural cover types. Smaller

field sizes with higher shape complexity will increase the length of

border among different kinds of production cover types and among

production and more-natural cover types, thus increasing juxtaposi-

tion ⁄ interspersion and thereby resource accessibility. Note that the

caveat regarding patch sizes (leading to a peaked heterogeneity–

biodiversity relationship; see above) may not generally apply in the

context of production cover types because many species responding

positively to the presence and heterogeneity of production cover types

may not have evolved in landscapes containing large patches of them.

An exception would be species that evolved in steppe (or prairie)

landscapes containing very large grassland areas; these species may

respond in similar ways to the sizes of cereal fields.

Some preliminary support for the importance of configurational

heterogeneity comes from studies of carabid beetles in agricultural

landscapes in France. Beetle species richness accumulates more rapidly

with total area sampled in fine-grain than in coarse-grain landscapes,

even though the total richness and composition of the species pools

are the same (Fig. 6). Fine-grain landscapes have smaller field sizes

and shorter distances to hedgerows, resulting in greater configura-

tional heterogeneity and higher species richness than in coarse-grain

landscapes with similar crop types. Similarly, nesting solitary wasps

responded positively to increasing configurational heterogeneity

(measured as edge density) in agricultural landscapes in Germany

(Holzschuh et al. 2010).

METHODOLOGICAL APPROACH FOR STUDIES ON LANDSCAPE

HETEROGENEITY–BIODIVERSITY RELATIONSHIPS IN

AGRICULTURAL LANDSCAPES

In this section, we outline some criteria and considerations for study

design, which will be important in any attempt to answer the questions
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outlined above. Our purpose in presenting these is to emphasize that

the inferential strength obtainable from a study will depend strongly

on its design. Given the resources needed for large-scale multi-

landscape studies, it is important to maximize the value of the study by

optimizing study design to the extent possible.

First, as the questions above deal with gradients in landscape

heterogeneity (whether compositional or configurational), any study

aimed at answering one or more of these questions will need data

from a sample of different landscapes representing a gradient or

gradients in heterogeneity (e.g. Devictor & Jiguet 2007; Holzschuh

et al. 2010). Different data points in statistical analyses will then be

data from different landscapes, hence the effective sample size will be

the number of landscapes in the study. This means that if the number

of sample sites is limited by funding or logistics, researchers should

consider increasing the number of landscapes at the expense of the

number of sample sites within each landscape. While increasing

within-landscape replication contributes to the precision of each data

point, increasing the number of landscapes increases the number of

data points and thereby contributes to the primary objective of

uncovering the relationships among the variables. Each landscape

would then be mapped in terms of its functional cover types (Box 1;

Fig. 2), and from these maps measures of heterogeneity for the more-

natural cover types and for the production cover types would be

obtained.

An important consideration in study design will be to reduce or to

avoid frequently occurring correlations among the major heteroge-

neity variables (Herzog et al. 2006). For example, agricultural

landscapes with high compositional heterogeneity (e.g. many

different crop types) typically have high configurational heterogeneity

(e.g. small fields; Fig. 7). Effective agri-environment policies will be

aimed at the variables that can be manipulated by farmers

individually or collectively, and that actually affect biodiversity, not

variables that are typically (though not necessarily) correlated with

the causal agents. Therefore, we need to know which components of

landscape heterogeneity actually influence biodiversity and how,

which means we need study designs that can estimate independent

effects of different heterogeneity variables on biodiversity. This

requires a pseudo-experimental approach in which landscapes are not

randomly sampled but are sampled specifically to avoid correlations

among the predictor variables (e.g. Pope et al. 2000; Gabriel et al.

2010). For example, using a set of landscapes distributed along

independent gradients of landscape structure and agricultural

intensification Billeter et al. (2008) showed that bird species richness

depends on both the proportion of more-natural elements and the

total amount of fertilizers (KgN ha)1 year)1) in the landscape. They

would not have been able to separate these effects if they had

randomly selected landscapes because the proportion of more-

natural elements in the landscape and fertilizer application would

likely have been negatively correlated across a randomly selected set

of landscapes.

Similarly, studies aimed at simultaneously answering questions 2

and 3 (above) will need to sample landscapes in all four categories of

Fig. 3. An effective way to do this is to begin by plotting all possible

landscapes on the two heterogeneity axes and then selecting from that

distribution a set of sample landscapes such that there is no cross-

landscapes correlation between compositional and configurational

heterogeneity, while maintaining the maximum possible range of

values for both. For example, in Fig. 7, the dots represent all possible

landscapes in a region. The blue dots represent a set of possible

sample landscapes that have been selected from within the red square,

ensuring a nearly even spread over the red square. Within this set of

landscapes (blue dots) there is no correlation between the two

heterogeneity measures. The final set of selected landscapes should

also be chosen to avoid, to the extent possible, any spatial trends or

Figure 7 Illustration of the protocol for selecting landscapes for biodiversity

sampling, to avoid cross-landscape correlations between compositional heteroge-

neity (here, increasing number of crop types) and configurational heterogeneity

(here, decreasing mean field size). Each point represents a single landscape in an

agricultural region. All possible landscapes are shown, from which a subset will be

selected for the study (e.g. the lighter dots within the square). Across all landscapes

there is a correlation between compositional and configurational heterogeneity. To

avoid this correlation within the landscapes selected for the study, the selected

subset should be selected within the red square, with even representation across the

square. Data from these sample landscapes are then used to build statistical models

relating biodiversity to compositional and configurational heterogeneity. Biodiver-

sity sampling in a few landscapes at the extreme ends of each heterogeneity gradient

(lighter dots at the data extremes) can then be used to test the robustness of the

models to extreme heterogeneity levels.

Figure 6 Cumulative species richness of carabid beetles with increasing sampling

area in agricultural landscapes in Brittany, France. Fine-grain landscapes (upper

solid line) have smaller fields and shorter distances to hedgerows resulting in greater

configurational heterogeneity than coarse-grain landscapes (lower solid line). The

accumulation of species richness with area differs even though the total species

pool is the same. Curves are the median cumulative richness and upper and lower

95% quantiles calculated from different starting positions within a sampling grid of

110–160 cells that were 0.25 ha in size.
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contagion of sites with similar heterogeneity values (Brennan et al.

2002; e.g. Carr & Fahrig 2001).

Once the statistical model relating biodiversity to heterogeneity has

been built, based on the selected landscapes (e.g. blue dots in Fig. 7),

it will be important to also collect information at the extremes of the

gradients, i.e. very low and very high values of both compositional and

configurational heterogeneity (green dots in Fig. 7). The model based

on the blue dots would then be used to predict biodiversity in these

extreme cases, to test the validity of extrapolating outside the red area.

If it turns out that such extrapolation is not possible, we can conclude

that the model has predictive power only for heterogeneity values

within the red square; outside the red square we will have information,

based on the data at the green dots, but only on effects of

heterogeneity in general, not on the effects of the separate

components of heterogeneity. This will necessarily result in less

confidence when applying policies to alter heterogeneity in landscapes

outside the red square. If, on the other hand, extrapolation from the

model is possible, effective policies can be aimed at specific

components of heterogeneity.

Several studies have shown that apparent effects of landscape

pattern on individual species responses and biodiversity depend

strongly on the spatial extent over which the landscape variables are

measured (e.g. Thies et al. 2003; Dunford & Freemark 2005).

Therefore, data collected to answer the questions above will normally

need to be analysed using heterogeneity measured at multiple spatial

extents. The expected interaction between species biology and the

particular heterogeneity variables can sometimes be used to bracket

the scales. When the �correct� scale is not known a priori and analyses

are to be conducted at multiple scales, to identify the correct scale it is

important to select the landscapes such that the heterogeneity

variables show a large range of values across landscapes at all spatial

extents of interest and that the heterogeneity variables remain

uncorrelated across the sampled landscapes. This adds complexity

to the site selection process: the site selection approach illustrated in

Fig. 7 is applied at each extent and then a set of sample sites that

satisfies the requirement for independence at all extents is selected.

In practice this entails an iterative process beginning with the scale at

which site selection is most constrained (i.e. where the red square in

Fig. 7 is smallest).

There are two important considerations in designing a biodiversity

sampling strategy across the sample landscapes. First, if the objective

of the study is to understand the relationship between landscape

heterogeneity and biodiversity in general, biodiversity should be

measured for a range of taxa. This is important because different taxa

perceive their environment differently, generally leading to weak

cross-taxa correlations of biodiversity values, indicating that a single

taxon (e.g. birds) is not likely to be representative of biodiversity in

general (Wolters et al. 2006). Second, biodiversity sample points

should be spatially distributed within each landscape to allow diversity

estimation at a range of spatial scales, such that diversity can be

partitioned into alpha and beta diversity components (Wagner et al.

2000; Crist & Veech 2006; Tscharntke et al. 2007).

A useful starting point in conducting such a study might be to use

existing large-scale biodiversity datasets such as those derived from

large-scale monitoring programs like the North American Breeding

Bird Survey, or the British Breeding Bird and Butterfly surveys.

Such datasets provide point-scale data over very broad regions, hence

a sub-sample of landscapes could be selected representing uncorre-

lated gradients in landscape heterogeneity (as in Fig. 7). Targeted

supplementary data collection could be used to fill information gaps.

Such an approach might be the most cost-effective way of obtaining

the necessary large-scale biodiversity data sets. However, this

approach will only be useful if landscape data are available for the

same areas as the biodiversity data, with sufficiently fine thematic

resolution to measure functional landscape heterogeneity (see also

below).

We emphasize that the study design considerations outlined above

are presented within the context that, in the real world, trade-offs and

compromises will inevitably produce a less-than-optimal study design.

Potential sample sites may not exist such that: there are no

correlations among the predictors at all spatial extents, heterogeneity

levels are perfectly un-clumped in space and there is sufficient

replication of landscapes across the heterogeneity axes. However, the

�more optimal� the study design can be made, the stronger the

inferences that will come from it, hence we argue that it is important

to consider the above issues carefully in advance of selecting sampling

sites. Note that a different approach to site selection but with similar

objectives – i.e. to avoid correlations among predictors, maximize the

range of predictor values and avoid spatial contagion of predictor

values – was used by Gabriel et al. (2010) in their study of the impacts

of organic farming on biodiversity.

DISCUSSION

In the preceding sections, we have proposed a framework for

analysing the role of landscape heterogeneity on biodiversity in

agricultural landscapes. The study of landscape heterogeneity–biodi-

versity relationships in production areas is in its infancy, hence it is not

yet known whether measures aimed at increasing landscape hetero-

geneity of these areas will produce large biodiversity benefits.

We suggest that the time is ripe for development of a landscape-

scale understanding of the relationship between landscape heteroge-

neity and biodiversity. This understanding should take into account

the considerable existing knowledge of species–habitat relationships,

as encapsulated in our proposed framework for mapping functional

cover types (Box 1; Fig. 2), from which measures of functional

landscape heterogeneity can be derived.

Developing these functional land cover maps will be an important

challenge in conducting the proposed research. Most landscape

mapping techniques rely on remote sensing which frequently will not

provide sufficiently fine-grained distinctions among habitat elements

that provide different resources to given species groups. However,

this problem is diminishing due to the availability of newer, higher

resolution landscape data, which can be combined with detailed

information on crops and farming systems that are available from

agricultural census data in many regions. Ground-based information,

including information from farmers and other land-holders will also

frequently be needed, particularly for information on agricultural

practices (e.g. pesticide application). Given the scale of analysis needed

– probably c. 40–60 landscapes, each up to c. 4 km in diameter (e.g.

Thies et al. 2003) – collecting data on land use at the level of detail

needed will be an intensive but feasible undertaking. Deriving the

functional cover types also depends on the availability of sufficient

knowledge of the ecology of the species and species groups of interest.

We suggest (see Box 1) a pragmatic approach of using species selected

as indicators of groups of species with similar resource needs, but we

acknowledge that the efficacy of this approach is far from certain

(Cushman et al. 2010).
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It is also important to note that the requirement for functionally

defined cover types is based on the assumption that functional

landscape heterogeneity will predict biodiversity better than structural

landscape heterogeneity. The careful testing of this assumption would

be, in itself, an important contribution of future studies. It is known that

a more detailed landscape description does not necessarily produce

more accurate predictions. For example, Bailey et al. (2007) found that a

thematic resolution of 14 cover classes produced statistical models with

stronger relationships to farmland biodiversity than statistical models

based on a thematic resolution of 47 cover types. However, it should

also be noted that a map of functional cover types could well be simpler

than one of structural cover types, as physical variation that is irrelevant

to the focal species or species group would be ignored in the former. In

any case, an important research objective is to test the assumption that

the additional resolution of defining heterogeneity in terms of

functional cover types provides better predictability of biodiversity

than simply using maps based on remotely sensed imagery without

reference to species resource needs.

To determine whether there are general answers to the three

research questions (above), it will be necessary to conduct replicate

studies in very different agricultural regions, containing different

species pools. This will identify the findings that can be generalized

and those that require specific consideration of local conditions. For

example, in some areas, policies can influence mainly more-natural

habitats, whereas in other areas policies can only target production

land. The landscape extent and grain that are amenable to

modification by management and policy will also be constrained by

local farming systems. Each such study would require commitments

of funds and personnel, and conducting multiple studies in different

regions would require a co-ordinated international effort to maximize

the scientific and practical output. However, comparable large-scale

datasets and agri-environment schemes exist in many different

countries, potentially providing the seeds for such projects to be

sown. Also, carefully chosen indicator taxa could reduce costs of field

work to attainable levels.

In addition to policy implications, the knowledge gained through

such studies will be an important contribution to basic ecology.

Of particular interest are the possible counteracting effects of

landscape heterogeneity and habitat fragmentation. Increases in

configurational heterogeneity tend to fragment habitat (see Fig. 3),

such that large continuous expanses of habitat are broken into smaller

patches (Fahrig & Nuttle 2005). A review of empirical studies of

species responses to habitat fragmentation, while controlling for

habitat amount (i.e. fragmentation per se), revealed nearly equal

numbers of positive and negative responses to fragmentation (Fahrig

2003). One possible explanation for the positive responses to

fragmentation is that they actually represent positive responses to

configurational landscape heterogeneity through increased landscape

complementation. Negative effects of fragmentation may be due to

negative edge effects, minimum patch size requirements and loss of

connectivity (Ouin et al. 2000; Baudry et al. 2003; Aviron et al. 2007).

In addition, whether changes have positive or negative effects may

depend on the nature of the initial habitat: increasing heterogeneity in

a heavily modified habitat like intensive farmland is different from

doing so in swathes of pristine habitat like primary forest. We

therefore propose an �intermediate heterogeneity hypothesis� in which

increasing heterogeneity will positively affect biodiversity up to some

point but when edge density becomes very high and patch sizes very

small, the negative effects of fragmentation may outweigh the positive

effects of heterogeneity, resulting in biodiversity declines (cf. Duelli

1997; Tscharntke et al. 2005).

We also note that biodiversity at a regional scale may not be

maximized if the same target for heterogeneity is applied to all

landscapes within the region. Such uniform targets could lead to �second

order� homogeneity caused by a lack of extremely large homogeneous

patches (larger than a single landscape) which may be essential to some

species. It may therefore be important to apply a heterogeneity of

management targets to ensure a diversity of landscapes.

Our approach to functional landscape heterogeneity is focused on

animal biodiversity, but many of the same principles could be applied

to analysis of plant biodiversity. For plants, functional landscape

heterogeneity might be based on how different cover types act as

filters on plant species assemblages based on dispersal ability, response

to disturbance or other plant traits that are favoured in different

habitat types (Wagner et al. 2000; Flynn et al. 2009). We might also

expect spill-over or mass effects to be especially common for plant

species distributions along boundaries between crop or management

types (Kunin 1998). In intensively managed crops with high levels of

chemical inputs, within-field diversity is often very low and landscape-

level plant diversity is largely due to species found in more-natural

areas (Flynn et al. 2009).

What is the appropriate �target� for biodiversity in farmland?

Agriculture is meant for production of resources for humans, and the

market leads agriculture policies and actions. Therefore, agricultural

systems are ever-changing because societal needs change. We suggest

that it is not appropriate to compare biodiversity in such landscapes

to what was there at some arbitrary point in the past or to landscapes

without humans. Instead, agri-environment policy should aim to

enhance biodiversity to the extent possible while still providing

agricultural products for human consumption. Given the dynamic

nature of cropped land and the uncertainties that inevitably surround

its management, key policy elements should on one hand encourage

agricultural practices that maximize biodiversity instead of minimizing

it and on the other hand favour restoration and continuity of high

quality more-natural habitats as part of the agricultural mosaic (Rey

Benayas et al. 2008).

ACKNOWLEDGEMENTS

We are grateful for the insightful comments of Janne Bengtsson and

two anonymous referees. This work was initiated at a workshop

funded by the Centre National de la Recherche Scientifique

(Montpellier, France).

REFERENCES

Altieri, M.A. (1999). The ecological role of biodiversity in agroecosystems. Agric.

Ecosyst. Environ., 74, 19–31.

Amarasekare, P. (2008). Spatial dynamics of foodwebs. Annu. Rev. Ecol. Evol. Syst.,

39, 479–500.

Aviron, S., Burel, F., Baudry, J. & Schermann, N. (2005). Carabid assemblages in

agricultural landscapes: impacts of habitat features, landscape context at different

spatial scales and farming intensity. Agric. Ecosyst. Environ., 108, 205–217.

Aviron, S., Kindlmann, P. & Burel, F. (2007). Conservation of butterfly populations

in dynamic landscapes: the role of farming practices and landscape mosaic.

Ecol. Model., 205, 135–145.

Bailey, D., Billeter, R., Aviron, S., Schweiger, O. & Herzog, F. (2007). The influence

of thematic resolution on metric selection for biodiversity monitoring in agri-

cultural landscapes. Landscape Ecol., 22, 461–473.

110 L. Fahrig et al. Idea and Perspective

� 2010 Blackwell Publishing Ltd/CNRS



Baudry, J. & Bunce, R.G.H. (eds) (1991). Land Abandonment and Its Role in Conser-

vation. CIHEAM, Paris, France.

Baudry, J., Burel, F., Aviron, S., Martin, M., Ouin, A., Pain, G. et al. (2003).

Temporal variability of connectivity in agricultural landscapes: do farming

activities help? Landscape Ecol., 18, 303–314.

Benton, T.G., Vickery, J.A. & Wilson, J.D. (2003). Farmland biodiversity: is habitat

heterogeneity the key? Trends Ecol. Evol., 18, 182–188.

Billeter, R., Liira, J., Bailey, D., Bugter, R., Arens, P., Augenstein, I. et al. (2008).

Indicators for biodiversity in agricultural landscapes: a pan-European study.

J. Appl. Ecol., 45, 141–150.

Brennan, J.M., Bender, D.J., Contreras, T.A. & Fahrig, L. (2002). Focal patch

landscape studies for wildlife management: optimizing sampling effort across

scales. In: Integrating Landscape Ecology Into Natural Resource Management (eds Liu, J.

& Taylor, W.W.). Cambridge University Press, Cambridge, USA, pp. 68–91.

Brotons, L., Monkkonen, M. & Martin, J.L. (2003). Are fragments islands? Land-

scape context and density-area relationships in boreal forest birds. Am. Nat., 162,

343–357.

Brotons, L., Herrando, S. & Martin, J.L. (2004). Bird assemblages in forest frag-

ments within Mediterranean mosaics created by wild fires. Landscape Ecol., 19,

663–675.

Burel, F. & Baudry, J. (2005). Habitat quality and connectivity in agricultural

landscapes: the role of land use systems at various scales in space and time. Ecol.

Indic., 5, 305–313.

Burgess, R.L. & Sharpe, D.M. (eds) (1981). Forest Island Dynamics in Man-dominated

Landscapes, Ecological Studies. Springer-Verlag, New York.

Burton, R.J.F., Kuczera, C. & Schwarz, G. (2008). Exploring farmers� cultural

resistance to voluntary agri-environmental schemes. Sociol. Ruralis, 48, 16–37.

Carr, L.W. & Fahrig, L. (2001). Impact of road traffic on two amphibian species of

differing vagility. Conserv. Biol., 15, 1071–1078.

Charrier, S., Petit, S. & Burel, F. (1997). Movements of Abax parallelepipedus

(Coleoptera, Carabidae) in woody habitats of a hedgerow network landscape: a

radio-tracing study. Agric. Ecosyst. Environ., 61, 133–144.

Concepción, E., Dı́az, M. & Baquero, R. (2008). Effects of landscape complexity on

the ecological effectiveness of agri-environment schemes. Landscape Ecol., 23,

135–148.

Crist, T.O. & Veech, J.A. (2006). Additive partitioning of rarefaction curves and

species-area relationships: unifying a-, b-, and c-diversity with sample size and

habitat area. Ecol. Lett., 9, 923–932.

Cushman, S.A., McGarigal, K. & Neel, M.C. (2008). Parsimony in landscape

metrics: strength, universality, and consistency. Ecol. Indic., 8, 691–703.

Cushman, S.A., McKelvey, K.S., Noon, B.R. & McGarigal, K. (2010). Use of

abundance of one species as a surrogate for abundance of others. Conserv. Biol.,

24, 830–840.

Davey, C.M., Vickery, J.A., Boatman, N.D., Chamberlain, D.E., Parry, H.R. &

Siriwardena, G.M. (2010). Assessing the impact of Entry Level Stewardship on

lowland farmland birds in England. Ibis, 152, 459–474.

Devictor, V. & Jiguet, F. (2007). Community richness and stability in agricultural

landscapes: the importance of surrounding habitats. Agric. Ecosyst. Environ., 120,

179–184.

Dorrough, J, Moll, J. & Crosthwaite, J. (2007). Can intensification of temperate

Australian livestock production systems save land for native biodiversity? Agric.

Ecosyst. Environ., 121, 222–232.

Doucet, C., Weaver, S.E., Hamill, A.S. & Zhang, J. (1999). Separating the effects of

crop rotation from weed management on weed density and diversity. Weed Sci.,

47, 729–735.

Duelli, P. (1997). Biodiversity evaluation in agricultural landscapes: an approach at

two different scales. Agric. Ecosyst. Environ., 62, 81–91.

Dunford, W. & Freemark, K. (2005). Matrix matters: effects of surrounding land

uses on forest birds near Ottawa, Canada. Landscape Ecol., 20, 497–511.

Dunning, J.B., Danielson, B.J. & Pulliam, H.R. (1992). Ecological processes that

affect populations in complex landscapes. Oikos, 65, 169–175.

Dupouey, J.L., Dambrine, E., Laffite, J.D. & Moares, C. (2002). Irreversible impact

of past land use on forest soils and biodiversity. Ecology, 83, 2978–2984.

Fahrig, L. (2003). Effects of habitat fragmentation on biodiversity. Annu. Rev. Ecol.

Syst., 34, 487–515.

Fahrig, L. (2007). Non-optimal animal movement in human-altered landscapes.

Funct. Ecol., 21, 1003–1015.

Fahrig, L. & Nuttle, W.K. (2005). Population ecology in spatially heterogeneous

environments. In: Ecosystem Function in Heterogeneous Landscapes (eds Lovett, G.M.,

Jones, C.G., Turner, M.G. & Weathers, K.C.). Springer-Verlag, New York,

pp. 95–118.

Fischer, J. & Lindenmayer, D.B. (2006). Beyond fragmentation: the continuum

model for fauna research and conservation in human-modified landscapes. Oikos,

112, 473–480.

Flynn, D.F.B, Gogol-Prokurat, M., Nogeire, T., Molinari, N., Trautman Richers, B.,

Lin, B. et al. (2009). Loss of functional diversity under land use intensification

across multiple taxa. Ecol. Lett., 12, 22–33.

Foley, J.A., DeFries, R., Asner, G.P., Barford, C., Bonan, G., Carpenter, S.R. et al.

(2005). Global consequences of land use. Science, 309, 570–574.

Fraterrigo, J.M., Pearson, S.M. & Turner, M.G. (2009). Joint effects of habitat

configuration and temporal stochasticity on population dynamics. Landscape Ecol.,

24, 863–877.

Fuller, R.J., Trevelyan, R.J. & Hudson, R.W. (1997). Landscape composition models

for breeding bird populations in lowland English farmland over a 20 year period.

Ecography, 20, 295–307.

Gabriel, D., Sait, S.M., Hodgson, J.A., Schmutz, U., Kunin, W.E. & Benton, T.G.

(2010). Scale matters: the impact of organic farming on biodiversity at different

spatial scales. Ecol. Lett., 13, 858–869.

Galbraith, H. (1988). Effects of agriculture on the breeding ecology of lapwings

Vanellus vanellus. J. Appl. Ecol., 25, 487–503.

Gardner, T.A., Barlow, J., Chazdon, R., Ewers, R.M., Harvey, C.A., Peres, C.A. et al.

(2009). Prospects for tropical forest biodiversity in a human-modified world.

Ecol. Lett., 12, 561–582.

Gilroy, J.J., Anderson, G.Q.A, Grice, P.V., Vickery, J.A. & Sutherland, W.J. (2010).

Mid-season shifts in the habitat associations of Yellow Wagtails Motacilla flava

breeding in arable farmland. Ibis, 150, 90–104.

Gustavsson, E., Lennartsson, T. & Emanuelsson, M. (2007). Land use more than

200 years ago explains current grassland plant diversity in a Swedish agricultural

landscape. Biol. Conserv., 138, 47–59.

Haila, Y. (2002). A conceptual genealogy of fragmentation research: from island

biogeography to landscape ecology. Ecol. Appl., 12, 321–334.

Hanski, I. & Gilpin, M. (1991). Metapopulation dynamics: brief history and con-

ceptual domain. Biol. J. Linn. Soc., 42, 3–16.

Herzog, F., Steiner, B., Bailey, D., Baudry, J., Billeter, R., Bukacek, R. et al. (2006).

Assessing the intensity of temperate European agriculture at the landscape scale.

Eur. J. Agron., 24, 165–181.

Holland, J. & Fahrig, L. (2000). Effect of woody borders on insect density

and diversity in crop fields: a landscape-scale analysis. Agric. Ecosyst. Environ., 78,

115–122.

Holzschuh, A., Steffan-Dewenter, I. & Tscharntke, T. (2010). How do landscape

composition and configuration, organic farming and fallow strips affect the

diversity of bees, wasps and their parasitoids? J. Anim. Ecol., 79, 491–500.

Jonsen, I.D. & Fahrig, L. (1997). Response of generalist and specialist insect

herbivores to landscape spatial structure. Landscape Ecol., 12, 187–195.

Kleijn, D., Baquero, R.A., Clough, Y., Dı́az, M., Esteban, J., Fernández, F. et al.

(2006). Mixed biodiversity benefits of agri-environment schemes in five Euro-

pean countries. Ecol. Lett., 9, 243–254.

Kremen, C., Williams, N.M, Bugg, R.L., Fay, J.P. & Thorp, R.W. (2004). The area

requirements of an ecosystem service: crop pollination by native bee commu-

nities in California. Ecol. Lett., 7, 1109–1119.

Kunin, W.E. (1998). Biodiversity at the edge: a test of the importance of spatial

�mass effects� in the Rothamsted Park Grass experiments. Proc. Natl. Acad. Sci.

USA, 95, 207–212.

Kupfer, J.A., Malanson, G.P. & Franklin, S.B. (2006). Not seeing the ocean for the

islands: the mediating influence of matrix-based processes on forest fragmen-

tation effects. Global Ecol. Biogeogr., 15, 8–20.

Le Cœur, D., Baudry, J., Burel, F. & Thenail, C. (2002). Why and how we should

study field boundaries biodiversity in an agrarian landscape context. Agric. Ecosyst.

Environ., 89, 23–40.

Le Roux, X., Barbault, R., Baudry, J., Burel, F., Doussan, I., Garnier, E. et al. (eds)
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