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Abstract 
Context  Landscape habitat amount is known to 
increase biodiversity, while the effects of habitat frag-
mentation are still debated. It has been suggested that 
negative fragmentation effects may occur with a time 
lag, which could explain inconsistent results. How-
ever, there is so far no empirical support for this idea.
Objectives  We evaluated whether habitat amount 
and fragmentation at the landscape scale affect the 
species density of deadwood-dwelling lichens, and 
whether these effects occur with a time lag.
Methods  We surveyed deadwood-dwelling lichens 
in woodland key habitats in two regions in north-
ern Sweden, and modelled their species density as 
a function of past (1960s) and present (2010s) habi-
tat amount (old forest area) and fragmentation (edge 
density) in the surrounding landscapes.

Results  Present habitat amount generally had weak 
positive effects on lichen species density. Positive 
effects of the past habitat amount were stronger, indi-
cating a time lag in habitat amount effects. Habitat 
fragmentation effects were generally weak and simi-
lar whether fragmentation was measured in the past 
or the present landscapes, indicating no time lag in 
fragmentation effects.
Conclusions  We found a time lag effect of habi-
tat amount, but not fragmentation. This result is not 
consistent with suggestions that time lags explain 
the mixed observations of fragmentation effects. 
Time-lag effects of habitat amount suggest that the 
studied lichen communities face an extinction debt. 
Conservation should therefore prioritize increasing 
the amount of old forest, for example by creating for-
est reserves, to maintain the current lichen diversity. 
More generally, our results imply that studies exam-
ining only the present habitat amount risk under-esti-
mating its importance.

Keywords  Time lags · Extinction debt · 
Fragmentation per se · Dead wood · Cryptogams

Introduction

Habitat loss is one of the main causes of the ongo-
ing rapid decline in biodiversity around the globe 
(Tilman et al. 2017; Díaz et al. 2019). Habitat loss is 
often associated with habitat fragmentation, i.e. the 
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breaking of continuous habitat into smaller patches. 
While the negative effects of habitat loss on biodiver-
sity are clear, the effects of fragmentation per se (i.e. 
habitat fragmentation independent of habitat amount) 
are still debated (Miller-Rushing et  al. 2019). Frag-
mentation is often considered to have negative effects 
on biodiversity (e.g. Haddad et  al. 2015; Fletcher 
et al. 2018; Betts et al. 2019), but recent reviews have 
found that after the effects of habitat amount have 
been accounted for, fragmentation effects are mainly 
insignificant and, when they occur, often positive 
(Fahrig 2017; Watling et  al. 2020). Several authors 
have proposed explanations for this inconsistency 
(e.g. Ewers and Didham 2006). One suggested reason 
is confounding temporal effects, specifically time lags 
in species responses to landscape change (e.g. Miller-
Rushing et al. 2019).

Time lags are known to occur in response to habi-
tat loss: often, species do not disappear immediately 
after habitat in the surrounding landscape is lost, 
but can persist in the remaining habitat for decades 
or even centuries until finally going extinct, a so-
called extinction debt (Tilman et al. 1994; Kuussaari 
et al. 2009). Similarly, after habitat restoration, there 
is often a time lag before species begin to colonize 
the newly created habitats (e.g. Watts et  al. 2020). 
Therefore, especially in landscapes that have recently 
undergone changes in habitat amount, the species 
communities may reflect the past rather than present 
landscape composition. Studies that examine only 
the present landscape composition and fail to account 
for potential time lags can therefore risk underesti-
mating the effects of habitat amount. Time lags have 
been found to occur in various ecosystems and spe-
cies groups (Kuussaari et  al. 2009). Species traits, 
most importantly longevity and dispersal capacity, 
can affect the probability of a time lag, as well as its 
length. Time lags are more likely for longer-lived 
species with longer generation times, since these are 
typically slow to respond to changes in the surround-
ing landscape (e.g. Watts et al. 2020). Regarding dis-
persal capacity, poor dispersers typically respond to 
landscape changes more slowly than good dispersers 
and are therefore suggested to be more likely to show 
time lags (e.g. Lira et al. 2019).

While the existence of time lags is well known for 
habitat loss, it is unclear whether there are also time 
lags in response to habitat fragmentation per se. Time 
lags in fragmentation effects have been suggested as 

one explanation for the inconsistent results of frag-
mentation effects. Specifically, some suggest that neg-
ative fragmentation effects would occur with a time 
lag, and therefore studies that focus only on the pre-
sent landscape configuration would fail to detect these 
negative fragmentation effects (Soulé and Simberloff 
1986; Ewers and Didham 2006; Miller-Rushing et al. 
2019). However, there is so far no empirical support 
for this idea. Comparisons across studies find that neg-
ative fragmentation effects on species richness are not 
more common in studies where the pattern of habitat 
has been in place for longer (Fahrig 2020; Riva and 
Fahrig 2023), suggesting the absence of time lags. To 
our knowledge, only two empirical studies have tested 
for time lag effects of fragmentation per se by com-
paring current ecological responses to fragmentation 
per se in present vs. past landscapes. Semper-Pascual 
et al. (2021) studied birds and mammals in the Argen-
tinian Chaco and found lag responses to habitat loss, 
but when effects of habitat loss were statistically con-
trolled, they found no lag response to habitat fragmen-
tation per se. Similarly, Herrero-Jáuregui et al. (2022), 
also working in the Argentinian Chaco, observed time 
lags for the effects of habitat amount, but not for frag-
mentation per se on tree species diversity, community 
composition, and community traits. Similar studies 
from other regions and taxa are required to determine 
whether the lack of time lag effects of habitat frag-
mentation per se observed in these studies is a general 
pattern.

Here we examine the effects of habitat amount and 
fragmentation per se, and the possible time lags in these 
effects, on deadwood-dwelling lichens in old forests 
in northern Sweden. The amount of suitable habitat in 
the surrounding landscape is known to have a positive 
effect on lichen species richness (e.g. Paltto et al. 2006; 
Randlane et  al. 2017; Kärvemo et  al. 2021mäläinen 
et  al. 2023). This is because more habitat in the sur-
rounding landscape means both a larger species pool 
due to the species-area relationship, and higher colo-
nization rates, which lead to higher local species rich-
ness (Fahrig 2013). In comparison, the effects of 
fragmentation per se are less well known. Fragmenta-
tion may affect forest-dwelling lichens through edge 
effects: increased light levels and higher wind speeds 
near forest edges can have negative impacts on lichens, 
although the response is species-specific (e.g. Kivistö 
and Kuusinen 2000; Hilmo and Holien 2002; Esseen 
2019) and can vary among different forest types. 
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Moreover, fragmentation can affect habitat connectivity 
and thereby lichen dispersal: in more fragmented land-
scapes, distances between habitat patches are typically 
shorter, which may facilitate dispersal between patches 
(Galán-Acedo et  al. 2024). Since several forest-dwell-
ing lichens are assumed to be dispersal-limited (e.g. 
Ellis 2012), they should benefit from increased con-
nectivity. However, empirical evidence on fragmenta-
tion effects on lichens is lacking. While several studies 
have examined the effects of habitat connectivity (e.g. 
Johansson et  al. 2013), habitat patch size, and isola-
tion (e.g. Esseen 2019), only one study has examined 
how landscape-scale fragmentation affects lichen spe-
cies richness (Ellis and Coppins 2007). In that study, 
species richness was determined mainly by habitat 
amount, while the effects of fragmentation were statisti-
cally insignificant once the effect of habitat amount was 
accounted for.

Lichens are a taxon for which we might expect 
time-lag effects. They are long-lived and sessile, and 
can persist on their substrate (e.g. dead wood) for a 
long time after changes in the surrounding landscape 
take place. Previous studies have observed time lag 
responses to habitat amount of lichens on old oaks 
(Ranius et  al. 2008; Johansson et  al. 2013), in old 
beech forests (Paltto et  al. 2006), and in old aspen 
forests (Ellis and Coppins 2007). However, previous 
studies have not evaluated time lags in response to 
habitat fragmentation per se; they either focused on 
habitat amount only (e.g. Paltto et  al. 2006) or used 
landscape measures that combined habitat amount 
with habitat configuration (e.g. Johansson et  al. 
2013). Thus, it is unclear whether there are time-lag 
effects of fragmentation per se on lichens.

We study these questions by surveying deadwood-
dwelling lichens in old-growth forests in two regions in 
northern Sweden. Using old forest as a proxy for lichen 
habitat, we quantify the habitat amount and fragmenta-
tion per se in the landscapes surrounding survey sites in 
two time periods, close to the time of the survey (2010) 
and ca. 60 years before the survey, in the 1960s. If the 
past habitat amount or fragmentation explains lichen 
species density better than the present, it would indicate 
a time lag. We expect to observe time lags because the 
amount of old forest (i.e. lichen habitat) has decreased 
greatly in northern Sweden since the early 20th cen-
tury, when modern forestry with extensive clear-cutting 
became common (e.g. Kivinen et  al. 2012; Svensson 
et  al. 2019). Because extensive clear-cutting started 

several decades later in the northern region than the 
southern region, we expected that time lags should be 
more likely in the northern region, where lichen assem-
blages have had less time to react to the loss of old for-
est. Therefore, we examine time lags separately for the 
two regions.

Finally, we consider lichen traits that have been sug-
gested to influence their sensitivity to habitat amount 
and fragmentation, and the probability of time lags. 
These are degree of habitat specialization and disper-
sal capacity. Time lags are suggested to be more likely 
for species with narrower habitat niches (e.g. Kuussaari 
et  al. 2009; Sverdrup-Thygeson et  al. 2014; Lira et  al. 
2019) and for species with poor dispersal capacity (e.g. 
Lira et  al. 2019), although the exact mechanisms that 
should cause these differences are unclear. We assess 
the importance of niche width by comparing red-listed 
and non-red-listed lichen species; red-listed species are 
assumed to have narrower niches. Specifically, many 
of the red-listed deadwood-dwelling lichens require 
old, hard dead wood (Santaniello et  al. 2017; Larsson 
Ekström et al. 2023) while the non-red-listed species can 
typically use a wider variety of dead wood substrates. In 
addition, we assess the importance of dispersal capac-
ity by comparing lichen species that disperse via vegeta-
tive propagules and those that disperse via spores; spe-
cies dispersing via vegetative propagules are assumed to 
have more limited dispersal (e.g. Ellis 2012).

Specifically, we aim to answer the following 
questions:

1.	 Do landscape habitat amount and fragmenta-
tion per se affect lichen species density, and are 
there time lags in these effects, i.e. does the past 
landscape structure explain species density better 
than the present?

2.	 Are red-listed species and vegetatively-dispersing 
species more likely than non-red-listed species 
and spore-dispersing species (respectively) to 
show responses to habitat amount and fragmenta-
tion per se and time lags in those responses?

Method

Study sites and data collection

We surveyed deadwood-dwelling lichens and asso-
ciated, non-lichenized fungi (hereafter collectively 
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referred to as “lichens”) in two regions in northern 
Sweden (Fig. 1). The northern region was located in 
the northern boreal vegetation zone (Ahti et al. 1968) 
in the county of Norrbotten, and the southern region 
in the middle boreal vegetation zone in the counties 
of Västerbotten, Västernorrland, and Jämtland. Both 
regions are dominated by coniferous forests, with 
about 15–20% non-forested area consisting mainly of 
open mires and lakes, with some smaller settlements 
and agricultural fields. A majority of the forests are 
managed by rotation forestry (i.e., clear-cutting). In 

northern Sweden, clear-cutting became the dominant 
management method in the beginning of the 20th 
century: before that, the forests were managed mainly 
by selective harvesting (e.g. Esseen et al. 1997; Öst-
lund et al. 1997). The use of clear-cutting first began 
in the southern part of the country, from which it 
expanded northwards. Therefore, we expected the 
southern region to have a longer history of intensive, 
clear-cutting-based forestry than the northern region. 
This expectation was supported by data from the 
Swedish National Forest Inventories (NFI) conducted 

Esri, HERE, Garmin, (c) OpenStreetMap contributors, and the GIS user community

0 100 20050 km

Fig. 1   Map showing the locations in Sweden of the study sites where deadwood-dwelling lichens were surveyed
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during the 1920s and 1950s (Swedish NFI 1925, 
1955). These data showed that both in the 1920s and 
1950s, the southern region had a lower proportion 
of old forests (> 120 years) and clear-cuts than the 
northern region (21% and 49% of the total productive 
forest area in southern and northern region, respec-
tively). In addition, the proportion of young forests 
(< 20 years) was higher in the southern (13%) than 
the northern region (8%).

We surveyed deadwood-dwelling lichens in 2020 
in 63 forest stands (33 in the northern and 30 in the 
southern region). All of the stands were old, unman-
aged forests dominated by Scots pine (Pinus sylves-
tris L.). The stands were either woodland key habi-
tats (hereafter WKHs) or forest reserves. WKHs are 
forest stands that are not formally protected, but 
classified as important for forest biodiversity and 
rarely harvested. The WKHs selected for this study 
were located on land owned by the forest companies 
Sveaskog AB and SCA, and had been identified in 
field inventories carried out by these companies. Per-
missions for the lichen surveys were obtained from 
the companies and, in the case of forest reserves, 
from the county administration boards of Västerbot-
ten and Västernorrland.

To examine the effects of habitat amount and frag-
mentation on lichen species density, we chose stands 
of varying sizes (1.7 to 101.7  ha, median 11.2  ha), 
located in landscapes with different amounts of old 
forest (> 100 years old; used as a proxy of habitat 
amount, see “Landscape variables”). The forests in 
the landscapes were dominated by Scots pine: > 50% 
of the tree volume in the landscape within 1 km from 
the study stands was Scots pine. The minimum dis-
tance between any two stands was 5 km (median dis-
tance between two nearest neighbors 6.5  km, maxi-
mum 29.8 km).

In each stand, we surveyed deadwood-dwelling 
lichens from 16 dead Scots pine trees, including 
eight standing dead trees and eight fallen trees. The 
trees were selected by choosing four locations within 
each stand: the first location was chosen randomly, 
and the other three so that the distance between the 
locations was approximately similar (ca. 100  m) in 
all stands, despite variation in stand size. We then 
surveyed the two standing dead pines and two fallen 
dead pines closest to each location. Only decorticated 
dead trees that were not yet overgrown by vascular 
plants and bryophytes were chosen for the survey. 

We recorded the diameter, height, and decay stage 
(on a 5-point scale) of each surveyed tree. For each 
tree, a standardized area of 0.62 m2 was surveyed for 
lichens. This area was located within the lowest 2 m 
of each tree. This was the height to which standing 
dead trees could be surveyed without climbing them 
and, for comparability, the fallen trees were surveyed 
in a similar way. Thus, a standardized dead wood area 
of 9.92 m2 was surveyed in each stand. We recorded 
only lichen species considered as obligately lignicol-
ous (following Spribille et al. 2008). When necessary, 
samples of lichen specimens were collected for labo-
ratory identification using microscopy and chemical 
spot tests. Nomenclature of lichens followed Jääskel-
äinen et al. (2015).

We measured the amount of dead wood in the 
study stands using a line intersect method. We placed 
four 75 m long transects in each stand, starting from 
each of the four lichen survey locations, and measured 
dead wood along these transects. In some cases, the 
length or number of the transects had to be adjusted 
due to the size or shape of the stand, but the total 
length was always the same, i.e. 300  m. For fallen 
dead wood, we measured the diameter of each fallen 
tree that crossed the transect and calculated their total 
volume according to the formula by Marshall et  al. 
(2000). For standing dead wood, we included all trees 
located within 10  m from the transects (i.e. within 
four 20 × 75 m rectangles). We measured the diameter 
of each standing tree, and used the formula by Laasa-
senaho (1982) to calculate their volume. In addition, 
we recorded the tree species and decay stage of each 
dead tree.

Landscape variables

We calculated habitat amount and fragmentation in 
the landscapes surrounding the study stands using 
ArcMap 10.8 (Esri Inc. 2021). We defined habitat 
as old forest (> 100 years), since our previous study 
found it to explain the species density of deadwood-
dwelling lichens better than other tested variables 
(Hämäläinen et  al. 2023). To examine the potential 
time-lag in lichen responses to changes in the land-
scape, we calculated the habitat amount and fragmen-
tation in two periods: at the time of the lichen survey 
(present landscape) and in the 1960s (ca. 60 years 
before the lichen survey; past landscape). We calcu-
lated all landscape variables at 11 different scales: 
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500 m, 1 km, 2 km, 3 km etc., up to 10 km from the 
centers of the study stands.

In the present landscapes, we defined habitat as 
forest over 100 years old. This could include both pro-
tected forests as well as old forests on managed forest 
land. Independent of the protection status, the old for-
ests had most likely never been clear-cut. In addition, 
they typically contain more dead wood than younger 
forests (e.g. Fridman and Walheim 2000) and can 
therefore function as a proxy for deadwood-dwell-
ing lichen habitat (Hämäläinen et al. 2023). Data on 
forest age were obtained from the SLU Forest Map, 
which is produced from a combination of satellite 
data and field data from the Swedish National Forest 
Inventory. These data were from the year 2010 (the 
most recent data available for the studied regions).

To quantify the area and fragmentation of old for-
est in the 1960s, we used old aerial photos that are 
freely available from the National Land Survey (Lant-
mäteriet). The aerial photos have been scanned and 
projected into an orthogonal map projection, and are 
thus ready to be used in map analyses. In the southern 
region, the photos were taken from 1958 to 1965, and 
in the northern region from 1958 to 1960. To calcu-
late the area of old forest, we first excluded all non-
forested areas, such as water and agricultural fields. 
We did this by first using modern land cover data 
(from the Swedish National Land Cover Database, 
data from 2018) to divide the landscape into forested 
and non-forested areas. We then compared the land 
cover data with the old aerial photos, and manually 
corrected any areas that had changed from forested to 
non-forested or vice versa (such changes were rela-
tively few in the studied landscapes). This way, we 
were able to construct a map of the extent of forested 
areas in the 1960s. After this, we manually digitized 
all clear-cuts and young forests from the aerial photos 
and excluded them to calculate the area of old forest.

In both present and 1960s landscapes, we cal-
culated habitat amount as the proportion of the 
landscape consisting of old forests. In the present 
landscape, we used two measures of habitat fragmen-
tation: the number of old forest patches, and edge 
density calculated as the length of old forest edges 
divided by landscape area (m/ha). This measurement 
does not consider the width of the edges. We also 
measured the size of the focal habitat patch where 
the lichens were surveyed, i.e. the size of the WKH 
or forest reserve. In the 1960s landscapes we used 

only edge density as our measure of fragmentation, as 
these landscapes contained much more old forest, and 
so individual forest patches were generally not distin-
guishable. In addition, we calculated the total forest 
area (both managed and unmanaged, of all ages) in 
the landscapes to account for possible differences in 
matrix quality. We assumed that non-forested areas 
were lower quality matrix than young forests because 
non-forested areas would contain no dead wood at all, 
whereas young forests might contain small amounts 
of dead wood that could function as lichen habitat, at 
least for some of the studied species. The total for-
est area in the present landscapes was obtained from 
the Swedish National Land Cover Database, and the 
total forest area in the 1960s landscapes from the 
combination of land cover data and aerial photos 
described above. In the 1960s landscapes, the forests 
in the matrix (i.e. those forests that were not classi-
fied as old) were all clear-cuts or relatively young 
forests (ca. < 20 years). In the present landscapes, the 
age of the forests in the matrix varied. This may affect 
matrix quality and fragmentation effects: specifically, 
edge effects can be expected to be stronger when an 
old forest stand is surrounded by clear-cut or young 
forest (ca. < 20 years) than when it is surrounded by 
mature managed forest. Therefore, we calculated the 
proportions of < 20 years old and 20–100 years old 
forest in the studied landscapes (Table S1).

Statistical analyses

All statistical analyses were conducted with R 4.3.1 
(R Core Team 2023). We ran all analyses separately 
for the total species density of deadwood-dependent 
lichens and for four different groups of deadwood-
dependent lichens: red-listed species, non-red-listed 
species, spore-dispersing species, and vegetatively-
dispersing species (i.e. species dispersing mainly by 
isidia, soredia, or thallus fragments). Species that fre-
quently disperse by both spores and vegetative prop-
agules were included in the spore-dispersing group, 
as we assumed that the maximum dispersal distance 
(by spores) would determine their responses to land-
scape change. The red-listed species were those 
assessed as threatened or near-threatened in the lat-
est Swedish Red List (Swedish Species Information 
Centre 2015). The species groups are presented in 
Table  S2. Lichen species density refers to the num-
ber of species observed across the four sample sites 
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in each stand, i.e. across all surveyed dead wood (9.92 
m2) in each stand.

We constructed species accumulation curves 
to examine whether the sample size of 16 trees per 
study stand was sufficient to capture the deadwood-
dwelling lichen species present at the stands. We did 
this separately for each study stand, plotting the num-
ber of observed lichen species as a function of the 
number of surveyed trees, using the package iNEXT 
(Hsieh et al. 2016).

To choose the best scale for examining the effects 
of the landscape variables, we calculated Pearson’s 
correlation coefficients between lichen species density 
and (i) the amount of habitat (% old forest) and (ii) 
fragmentation of old forest (edge density or number 
of patches), in the landscapes at each of the 11 scales 
(500 m – 10 km radius). The scales at which the cor-
relations were strongest for each of the two predic-
tors were then used in the following analyses, i.e. we 
chose the best scale separately for habitat amount 
and fragmentation. In addition, we chose these scales 
separately for each of the abovementioned species 

groups, and for the present and past habitat amount 
and fragmentation.

We used generalized linear models (GLMs) to 
examine the effects of habitat amount and fragmen-
tation on lichen species density in the study stands 
(N = 63). We constructed separate models for each of 
the lichen groups and for the present and past land-
scapes. In addition, we constructed two different 
models for the present landscapes, using two different 
measures of fragmentation (edge density or number 
of patches). Thus, we ran three different models for 
each species group, 15 models in total. In all of the 
models, we used lichen species density (one of the 
five species groups) in the study stands as a response 
variable. The predictor variables are given in Table 1. 
All continuous predictor variables were standardized 
(mean = 0, SD = 1) prior to analyses to enable com-
parison of model coefficients. Especially at the larger 
scales in present landscape, habitat amount and edge 
density were correlated (Tables  S3-4). However, we 
do not consider this problematic, because it should 
not cause bias in the model coefficients (Smith et al. 

Table 1   Predictor variables included in GLMs evaluating the 
effects of present and past habitat amount and fragmentation 
on species density of deadwood-dwelling lichens in each of 

five groups: all species, red-listed species, non-red-listed spe-
cies, spore-dispersing species, and vegetatively-dispersing spe-
cies

GLMs with present landscape variables
  Habitat amount: % of old forest in the landscape
  Fragmentation: edge density (m/ha of old forest edge) OR number of old forest patches in the landscape
  Focal patch area: area of the study stand (WKH or forest reserve)
  Total forest area: % of total forested area in the landscape, managed and unmanaged, and all ages. Included to control for differ-

ences in matrix quality between young forest and non-forest.
  Dead wood amount: the amount of old (decay stage 3–5) dead wood in the study stand (m3/ha, log-transformed). Included to con-

trol for differences in habitat quality among the stands.
  Region: whether the stand was located in the northern or southern study region
  Region*Habitat amount: interaction between the study region and % of old forest in the landscape
  Region*Fragmentation: interaction between the study region and edge density OR number of old forest patches in the landscape

GLMs with past landscape variables
  Habitat amount: % of old forest in the 1960s landscape
  Fragmentation: edge density (m/ha of old forest edge) in the 1960s landscape
  Total forest area: % of total forested area (managed and unmanaged; all ages) in the 1960s landscape. Included to control for differ-

ences in matrix quality between young forest and non-forest.
  Dead wood amount: the present amount of old (decay stage 3–5) dead wood in the study stand (as m3/ha, log-transformed). 

Included to control for differences in habitat quality among the stands: since the purpose was to control for present habitat quality, 
we used the present dead wood amount measured in the field surveys.

  Region: whether the stand was located in the northern or southern study region
  Region*Habitat amount: interaction between the study region and % of old forest in the landscape
  Region*Fragmentation: interaction between the study region and edge density
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2009; Morrissey and Ruxton 2018). We included 
study region as a categorical variable (north/south). 
In addition, we included interaction terms between 
region and habitat amount, as well as between region 
and fragmentation.

We ran the GLMs using a Poisson distribution 
and log link. In some cases, the data were found to 
be under-dispersed, and to correct for this, we ran the 
models with a COM-Poisson distribution that can 
handle both under- and over-dispersed data (Brooks 
et al. 2019). We used COM-Poisson in all models for 
vegetatively-dispersing species, and in the model for 
the total species density using past landscape vari-
ables. The Poisson GLMs were run using the package 
lme4 (Bates et al. 2015) and the COM-Poisson GLMs 
with the package glmmTMB (Brooks et  al. 2017). 
We assessed model fit by plotting residuals using the 
package DHARMa (Hartig 2022). In addition, we 
tested for residual spatial autocorrelation by calculat-
ing Moran’s I and by constructing variograms on the 
residuals using the package gstat (Gräler et al. 2016). 
No evidence of spatial autocorrelation was found in 
any of the models. Finally, we plotted model results 
using packages coefplot (Lander 2022), ggplot2 
(Wickham 2016), and ggeffects (Lüdecke 2018).

Results

We found 28 species of deadwood-dependent lichens: 
25 in the northern and 27 in the southern region 
(Table S2). One species was only found in the north-
ern region, and three species only in the southern 
region. The mean species density was 14.5 species 
per 9.92 m2 dead wood, i.e. the area of dead wood 
surveyed per study stand. Eight of the observed spe-
cies were red-listed (23 of the 28 species had been 
assessed for a red list classification), and six dispersed 
predominantly by vegetative propagules (isidia, sore-
dia, or thallus fragments). According to the species 
accumulation curves, almost all species present in 
the study stands were detected across the 16 surveyed 
trees per stand (Figure S1).

The best scales for analyzing the landscape vari-
ables differed among variables and lichen groups, and 
between the present and past landscapes (Fig.  S2). 
The best scale for analyzing habitat amount in the 
present landscape was 500  m for red-listed species, 

1 km for species dispersing by vegetative propagules, 
and 6 km for total species density, non-redlisted spe-
cies, and spore-dispersing species. The best scale for 
analyzing edge density in the present landscape was 
500 m for total species density and for red-listed spe-
cies, 1  km for vegetatively dispersing species, 6  km 
for non-red-listed species, and 7  km for spore-dis-
persing species. The best scale for analyzing number 
of patches was 2 km for vegetatively dispersing spe-
cies, and 9 km for the other groups. The best scale for 
analyzing habitat amount in the past landscape was 
3 km for all of the studied species groups except for 
non-redlisted species, for which it was 4 km. For ana-
lyzing edge density in the past landscapes, the best 
scales were 500  m for non-red-listed and spore-dis-
persing species, 2 km for red-listed species, 3 km for 
the total species density, and 10 km for vegetatively 
dispersing species. The means and ranges of the land-
scape variables at each scale are given in Tables S5-6. 
At the scales used in the models, correlations between 
the landscape variables were generally low to mod-
erate (Tables S3-4). An exception was a high corre-
lation between habitat amount (% of old forest) and 
edge density in the present landscapes at scales of 
1 km or larger (r > 0.7).

Two different measures were used to quantify 
habitat fragmentation in the present landscapes: edge 
density and number of patches. These yielded simi-
lar results in the GLMs. Thus, we present here the 
results of GLMs in which edge density was used, as 
these are comparable with the GLMs for past land-
scapes, which used edge density. Results of the 
GLMs run with the number of patches are presented 
in Figures S5–9.

Do landscape habitat amount and fragmentation per 
se affect total lichen species density, and are there 
time lags in these effects?

For habitat amount, there was an indication of a time 
lag in the southern region. The total species density was 
positively related to past habitat amount (i.e. measured 
in the 1960’s), while there was no evident relationship 
to current habitat amount (Fig.  2).The relationship 
between habitat fragmentation and total species density 
was very weak for fragmentation measured in both time 
periods (Fig. 2), suggesting no lag effect.
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Are red‑listed species and vegetatively‑dispersing 
species more likely than non‑redlisted species and 
spore‑dispersing species (respectively) to show 
responses to habitat amount and fragmentation, and 
time lags in those responses?

None of the past or present landscape variables were 
found to affect species density of non-redlisted spe-
cies (Fig. S3). In contrast, in the southern region, pre-
sent habitat amount had a very weak positive effect 
on species density of red-listed lichens, while past 
habitat amount had a strong positive effect (Fig.  3). 
This indicates a time lag in effects of habitat amount 
on red-listed species in the south. Effects of fragmen-
tation on red-listed species were slightly positive in 
the south, with no suggestion of a time lag (Fig. 3).

There was no evidence that any of the past or pre-
sent landscape variables affected spore-dispersing 
lichens (Fig.  S4). In contrast, in the north, vegeta-
tively-dispersing lichen species density was positively 
related to both past and present habitat amount. In 
the south there was a time lag in the effect of habi-
tat amount on vegetatively-dispersing lichen density, 
with a weak negative effect of present habitat amount 
and a positive effect of past habitat amount (Fig. 4). 

The effect of fragmentation on vegetatively-dispers-
ing lichens was negative in the north and positive in 
the south, with no indication of time lags (Fig. 4).

Discussion

The effects of landscape habitat amount on the spe-
cies density of deadwood-dwelling lichens occurred 
with a time lag, while there was no time lag in the 
effects of fragmentation per se. This latter result is not 
consistent with suggestions that lag effects explain 
the variation in observed responses to fragmentation 
per se. Time-lagged responses to habitat amount were 
found for red-listed and vegetatively dispersing lichen 
species, but not for non-red-listed and spore-dispers-
ing species.

Time lags

In accordance with our hypothesis, we observed a time 
lag for the effect of habitat amount. The past habitat 
amount had a stronger positive effect on lichen species 
density than the present habitat amount, especially for 
red-listed lichens. This has been observed before for 

Fig. 2   The effects of landscape and stand variables on the 
total species density of deadwood-dependent lichens. On the 
left, (a) estimated model coefficients (+ 95% CI); on the right, 
the predicted lichen species density (+ 95% CI), in (b) the 
northern and (c) the southern regions, as a function of % old 
forest in the surrounding landscape and as a function of edge 
density (m/ha of old forest edge in the surrounding landscape). 

Separate models were constructed for the present landscape 
(2010, orange) and the past landscape (1960, green). In the 
present landscapes, old forest area was measured within 6 km 
and edge density within 500  m of the centers of the study 
stands. In the past landscapes, old forest area and edge density 
were both measured within 3 km
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lichens on living trees (e.g. Ellis and Coppins 2007; 
Ranius et al. 2008; Johansson et al. 2013). On the con-
trary, the effects of fragmentation did not occur with a 
time lag; the present fragmentation had minor effects 
on lichen species density, while we did not observe 

any effect of past fragmentation. Thus, in accordance 
with previous empirical studies (Semper-Pascual et al. 
2021; Herrero-Jáuregui et  al. 2022), we did not find 
support for the hypothesis that negative fragmentation 
effects should occur with a time lag (e.g. Soulé and 

Fig. 3   The effects of landscape and stand variables on the 
species density of red-listed lichens. On the left, (a) esti-
mated model coefficients (+ 95% CI); on the right, the pre-
dicted lichen species density (+ 95% CI), in (b) the northern 
and (c) the southern regions, as a function of % old forest 

and edge density in the surrounding landscape. In the present 
landscapes, old forest area and edge density were measured 
at 500 m of the centers of the study stands. In the past land-
scapes, old forest area was measured within 3  km and edge 
density within 2 km. See Fig. 2 for further explanations

Fig. 4   The effects of landscape and stand variables on the 
species density of vegetatively dispersing lichen species. On 
the left, (a) estimated model coefficients (+ 95% CI); on the 
right, the predicted lichen species density (+ 95% CI), in (b) 
the northern and (c) the southern regions, as a function of % 

old forest and edge density in the surrounding landscape. In the 
present landscape, old forest area and edge density were meas-
ured within 1 km of the centers of the study stands. In the past 
landscapes, old forest area was measured within 3 km and edge 
density within 10 km. See Fig. 2 for further explanations
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Simberloff 1986). This does not support the notion 
that the varying findings regarding the effects of frag-
mentation are explained by the occurrence of time 
lags.

Our results suggest that deadwood-dwelling 
lichens, especially red-listed ones, occurring in the 
studied WKHs and nature reserves face an extinc-
tion debt, as the amount of old forest (i.e. lichen 
habitat) has decreased significantly in recent dec-
ades in the studied regions. For example, Svensson 
et  al. (2019) estimated that between the 1970s and 
2014, the proportion of old forest that had never been 
clear-cut decreased from 75 to 38% in inland areas 
of northern Sweden. Decreases of similar magnitude 
occurred in our study landscapes between the 1960s 
and 2010 (Tables S5-6). Given the observed time lag 
for habitat amount, the effects of these decreases on 
lichen species density may not have been realized 
yet. Extinction debts of lichens in WKHs have also 
been suggested by Berglund and Jonsson (2005), who 
compared WKHs in landscapes with different times 
since habitat removal and found indications of an 
extinction debt for lichens occurring on living trees, 
but not for deadwood-dwelling fungi. Our results sug-
gest that even deadwood-dwelling lichen species face 
an extinction debt. Therefore, the WKHs and reserves 
in landscapes with low old forest cover will not be 
able to support their current lichen diversity into the 
future, unless the amount of old forest in the sur-
rounding landscapes is increased.

We were able to assess the past landscape structure 
approximately 60 years before the lichen surveys. It is 
possible that the time lags might be even longer than 
this. For example, Johansson et al. (2013) observed a 
180 year lag for lichens on old oaks, while Ellis and 
Coppins (2007) found a ca. 120 year lag for lichens 
in aspen forests. However, these studies focused on 
lichens on living trees, which are typically a more 
long-lived substrate than dead wood. Oaks, for exam-
ple, can function as lichen habitat for several hundred 
years (Drobyshev and Niklasson 2010), and although 
dead wood of Scots pine can take around 200 years 
to decay in northern boreal forests (e.g. Shorohova 
and Kapitsa 2015), fallen dead wood is typically 
overgrown by ground flora and therefore becomes 
unsuitable for most deadwood-dwelling lichens much 
earlier than this. Thus, we might expect shorter time 
lags for lichens occurring on dead wood substrates 
than for those occurring on living trees. In addition 

to the longevity of the substrate itself, lichen spe-
cies dynamics might be different on old living trees 
than on dead wood. Stochastic extinctions of lichens 
on living trees are typically very rare and the lichens 
tend to remain until tree death (e.g. Johansson et al. 
2012). Lichen dynamics on dead wood are less stud-
ied, but there are indications that stochastic extinc-
tions may be relatively frequent (Caruso et al. 2010). 
If this is the case, it would also contribute to shorter 
time lags for species occurring on dead wood in com-
parison to those on living trees.

We had expected to find stronger evidence for time 
lags in the more northern region than in the more 
southern region, but we found the opposite. We have 
no clear explanation for this finding; the decrease 
in old forest area was relatively similar in the two 
regions, as was the lichen species composition. Over-
all, the effects of the present landscape were also 
less pronounced in the northern region, which could 
imply that the definition of habitat (old forest) was 
less accurate in this region, but we have no other evi-
dence supporting that suggestion. Another potential 
explanation is that in the northern region, dead wood 
amounts on the studied stands were generally higher, 
thus, the landscape structure might in general be less 
important in this region, if the local habitat amount 
was sufficiently high to ensure the presence of most 
lichen species.

Effects of habitat amount, fragmentation, and 
stand‑scale variables

The present amount of habitat, i.e. old forest, in the 
landscape had in most cases a positive effect on the 
species density of deadwood-dwelling lichens. How-
ever, these effects were rarely significant, and typically 
quite weak in comparison to previous studies that have 
found lichen diversity to increase with landscape habi-
tat amount in boreal (Kärvemo et al. 2021; Hämäläinen 
et al. 2023) and temperate forests (Paltto et al. 2006). 
Moreover, in some cases, the present amount of habi-
tat in the southern study region had a negative (though 
weak) effect on lichen species density. These weak 
and even negative effects are most likely due to the 
time lag, i.e. the species density is determined by the 
past rather than present landscape habitat amount. 
This implies more generally that studies that examine 
only present landscape structure risk under-estimating 
the importance of habitat amount, particularly if the 
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studied species are prone to time lags. In our study 
system, this would especially be the case for red-listed 
species; the amount of habitat in the landscapes had a 
strong effect on them, but this effect would have been 
missed if only the habitat amount in the present land-
scapes had been examined.

The effects of present fragmentation were weak 
and in most cases positive: an exception was vege-
tatively-dispersing species in the southern region. 
The pine-dominated old forests that we studied had 
relatively open stand structure, and edge effects in 
the form of altered light availability or microclimate 
are therefore likely moderate. The effects of frag-
mentation per se have rarely been studied for lichens 
or other cryptogams, but the few existing studies 
have found negligible effects of fragmentation (Ellis 
and Coppins 2007; Sundberg 2013) once habitat 
amount is accounted for. This is in accordance with 
our results and with studies of other taxa (Fahrig 
2017). In our study landscapes, the matrix consisted 
mainly of managed forests. In the past landscapes, 
these forests were all young (ca. < 20 years), but in 
the present landscapes the ages of the forests varied 
(Table  S1). This could cause variation in the edge 
contrast between the old forests and the surrounding 
matrix, which might weaken observed edge effects. 
Edge effects can be assumed to be weaker when an 
old forest stand is surrounded by mature managed for-
est than when it is surrounded by clear-cut or young 
forest. However, this should only be an issue in the 
present landscapes, because all managed forests in the 
past landscapes were young. This implies that if vari-
ation in edge contrast led to weaker edge effects, we 
should observe a stronger effects of past than present 
fragmentation, which we did not find. Moreover, we 
should observe stronger effects of present fragmenta-
tion in the southern study region, where the propor-
tion of young (< 20 years) forest was higher. Again, 
we did not find such a difference, which implies that 
variation in edge contrasts does not notably affect our 
results. Nevertheless, we note that our results may 
not be generalizable to landscapes where the matrix 
is more hostile, e.g. agricultural fields instead of the 
managed forests. Future studies are thus needed to 
examine whether our results apply to other types of 
landscapes. In addition, we note that habitat amount 
and fragmentation (edge density) were correlated 
in the studied landscapes, especially at the larger 
scales. This may decrease the likelihood of obtaining 

statistically significant results, but should not cause a 
bias in the model coefficients (Smith et al. 2009; Mor-
rissey and Ruxton 2018). In addition, we obtained 
similar results when measuring fragmentation as 
patch density (Fig.  S5-S9), which was not strongly 
correlated with habitat amount.

In addition to landscape variables, the focal patch 
area, i.e. the area of the studied WKH or reserve, and 
the amount of dead wood within the stand had posi-
tive effects on lichen species density in the southern 
region, even when the landscape habitat amount was 
taken into account. This is in contrast with the habi-
tat amount hypothesis (Fahrig 2013), which predicts 
that the focal patch area should not affect species den-
sity within a sample area, when the landscape habi-
tat amount has been accounted for. Furthermore, it is 
in contrast with a previous study that did not observe 
any effects of local dead wood amount on lichen spe-
cies density in old pine forests (Hämäläinen et  al. 
2023). Our result implies that larger patches of old 
forest can maintain higher local species density, at 
least in some regions. In the northern region, neither 
focal patch area nor dead wood amount affected spe-
cies density, which may again be due to the generally 
higher dead wood amounts in the northern region, 
potentially sufficient to support the occurrence of 
most species even in smaller patches.

Functional traits

We found a time lag in the effects of habitat amount 
on red-listed species. Their species density was not 
affected by the present habitat amount, but increased 
with the past habitat amount. On the contrary, the 
density of non-red-listed species was not affected 
by present or past habitat amount. This is in accord-
ance with the prediction that time lags would be more 
likely for habitat specialists (Kuussaari et  al. 2009; 
Lira et  al. 2019), which the red-listed species are 
expected to be. We assume that the observed stronger 
effect of past habitat amount on red-listed than non-
red-listed species was not due to a difference in the 
time lag itself, but simply to stronger effects of land-
scape habitat amount in general on red-listed species. 
Red-listed lichen species are typically more special-
ized to old forest habitats (Nirhamo et  al. 2023), 
while non-red-listed species are more likely to occur 
even in the matrix (young forests) if suitable dead-
wood substrates are available. Therefore, the amount 
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of old forest will have a stronger effect on red-listed 
species than non-red-listed species. This has also 
been observed for other deadwood-dwelling taxa, e.g. 
saproxylic fungi (e.g. Nordén et  al. 2013; Sverdrup-
Thygeson et al. 2014).

When comparing lichens with contrasting disper-
sal modes, we found that the density of vegetatively-
dispersing species was affected by both present and 
past landscape structure, and there was an indication 
of a time lag for habitat amount. In contrast, spore-dis-
persing species were not significantly affected by the 
landscape structure, and there were no time lags. Veg-
etative propagules are larger than spores, and vegeta-
tively-dispersing species are therefore assumed to be 
poorer dispersers: in modelling studies, lichens with 
larger propagules have been found to have smaller 
dispersal ranges (Ruete et al. 2014) and lower coloni-
zation rates (Johansson et al. 2012) than species with 
smaller propagules. Vegetatively-dispersing lichens 
have also been found to be more affected by the land-
scape habitat amount than spore-dispersing lichens 
(Ellis and Coppins 2007; Hedenås and Ericson 2008). 
Moreover, poor dispersers have been suggested to be 
more likely to show time lags (Lira et al. 2019). How-
ever, it is not clear whether our result supports this 
suggestion. Instead, as discussed above for non-red-
listed species, the apparent lack of time lag effects on 
spore-dispersing species may actually be due to gener-
ally weak effects of landscape structure on them.

Conclusions

We found that the effects of landscape habitat 
amount on lichen species density occurred with 
a time lag, while the effects of fragmentation did 
not. Instead, any fragmentation effects were tem-
porary and disappeared within the studied 60-year 
period. This is not consistent with suggestions that 
time lags are the reason for mixed effects of habi-
tat fragmentation on biodiversity. If our results can 
be generalized, they imply that studies that examine 
only the present landscapes may underestimate the 
effects of habitat amount In our study, the models 
that included only present landscape variables did 
not find as strong positive relationship between hab-
itat amount and lichen species density as the models 

with past landscape variables. Most notably, the 
strong positive effect of landscape habitat amount 
on the density of red-listed lichen species in the 
south would have gone unnoticed if only responses 
to the present habitat amount had been analyzed.

Our results imply that the deadwood-dwelling 
lichens in the studied WKHs and nature reserves 
face an extinction debt, as has been suggested also 
for lichens on living trees (Berglund and Jonsson 
2005). Several studies have questioned the capac-
ity of the WKHs and reserves to maintain species 
diversity over long timescales (e.g. Aune et  al. 
2005; Jönsson et al. 2017), and our results support 
this concern. Thus, to maintain the lichen diver-
sity that the WKHs and reserves currently host, the 
amount of old forest in the surrounding landscapes 
should be increased, for example by creating new 
forest reserves. This is especially important for 
WKHs and reserves with currently little old forest 
in their surrounding landscapes. Our results further 
suggest that habitat fragmentation – in both present 
and past landscapes – has only minor effects on 
lichen species density. Lichen conservation should 
therefore prioritize maintaining or increasing habi-
tat amount instead of minimizing fragmentation.
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